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Abstract

In order to determine whether bioavailability limits the biodegradability of petroleum hydrocarbons in
aged soils, both the biodegradation and abiotic desorption rates of PAHs and n-alkanes were measured at
various time points in six different aged soils undergoing slurry bioremediation treatment. Alkane bio-
degradation rates were always much greater than the respective desorption rates, indicating that these
saturated hydrocarbons apparently do not need to be dissolved into the aqueous phase prior to metabolism
by soil microorganisms. The biodegradation of PAHs was generally not mass-transfer rate limited during
the initial phase, while it often became so at the end of the treatment period when biodegradation rates
equaled abiotic desorption rates. However, in all cases where PAH biodegradation was not observed or
PAH removal temporarily stalled, bioavailability limitations were not deemed responsible for this recal-
citrance since these PAHs desorbed rapidly from the soil into the aqueous phase. Consequently, aged PAHs
that are often thought to be recalcitrant due to bioavailability limitations may not be so and therefore may
pose a greater risk to environmental receptors than previously thought.

Introduction

It is commonly believed that bioavailability limi-
tations are responsible for the slow and/or
incomplete biodegradation of petroleum hydro-
carbons in aged soils and sediments. Several
arguments support this claim: First, it has been
shown that hydrophobic contaminants with
increasing age become sequestered in the soil ma-
trix via partitioning into soil organic matter or
diffusion into nanopores, thereby becoming less
extractable and bioavailable to microorganisms
and other ecological receptors (Alexander 1995,
2000; Chung & Alexander 1998, 1999; Hatzinger &
Alexander 1995, 1996; Huesemann 1997; Kelsey &
Alexander 1997; Kelsey et al. 1997; Liste & Alex-
ander 2002; Luthy et al. 1997; Macleod & Semple
2000; Madsen 2003; Nam & Alexander 1998;
Pignatello & Xing 1996; Schwartz & Scow 2001;

Tang & Alexander 1999). Second, mathematical
models that couple biodegradation with mass-
transfer processes such as desorption from soil
organic matter, partitioning from NAPLs into the
aqueous phase, or pore diffusion, have often been
successfully used to either curve-fit or predict the
observed biodegradation behavior of hydrophobic
contaminants, leading to the conclusion that mass-
transfer rate or bioavailability limitations are
responsible for slow biodegradation kinetics
(Bosma et al. 1997; Geerdkink et al. 1996; Ghoshal
& Luthy 1996, 1998; Ghoshal et al. 1996; Ra-
maswami & Luthy 1997; Ramaswami et al. 1997;
Scow & Alexander 1992; Shor et al. 2003; Wick et
al. 2001; Zhang et al. 1998). Third, the observation
that contaminant desorption kinetics often
resemble in appearance the biphasic biodegrada-
tion behavior (i.e., fast initial drop followed by a
much slower long-term decrease in contaminant
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concentrations) has led to the interpretation that
desorption controls biodegradation processes
(Williamson et al. 1997).

A few investigators have measured both con-
taminant desorption and biodegradation kinetics
during bioremediation treatment to determine
whether bioavailability limitations are responsible
for the slow or incomplete biodegradation of aged
soils. For example, Berg et al. (1998) and Loehr &
Webster (2000) measured the abiotic release rate of
PAHs at various times during bioremediation
treatment and found that both the rate and extent
of PAH release decreased with increasing treat-
ment time. Since hardly any PAHs were released
after seven months of treatment, Berg et al. (1998)
concluded that slow PAH biodegradation was
caused by the equally slow abiotic desorption of
these contaminants. Carmichael et al. (1997) ob-
served that phenanthrene and chrysene desorption
rates were much greater than biodegradation rates
in freshly spiked soils but that desorption rates
were slower or equal to mineralization rates in
aged soils with high organic matter content, indi-
cating that bioavailability limitations control PAH
biodegradation processes in some soils. By con-
trast, Cornelissen et al. (1998) measured the
desorption kinetics of 15 PAHs from sediments
before and after bioremediation and found that
while some PAHs rapidly desorbed and biode-
graded, others did not degrade at all despite the
fact that they were readily bioavailable as indi-
cated by large rapidly desorbing fractions (up to
55%) at the end of biotreatment. Similarly,
Huesemann et al. (2002) observed that after 90
weeks of slurry treatment, a number of high
molecular weight PAHs were recalcitrant to bio-
degradation although they were released abi-
otically to a significant degree indicating that
microbial factors rather than the lack of bioavail-
ability limited the biodegradation of these PAHs.

The belief that slow or incomplete biodegra-
dation of hydrocarbons in aged soils is primarily
caused by bioavailability limitations has significant
implications for risk assessment. If indeed the
residual PAHs that remain in aged soils and sedi-
ments even after long and extensive biotreatment
are recalcitrant to biodegradation because they are
sequestered and therefore not available for uptake
and metabolism by microorganisms, it can easily
be argued that a lack of bioavailablity implies also
a lack of toxicity and risk to potential environ-

mental receptors. In short, if recalcitrance is due to
bioavailability limitations, residual soil contami-
nants are unlikely to pose serious risks to the
environment which, in turn, is likely to translate
into significant cost-savings for liable parties be-
cause soils with residual contaminants can be left
in place without further treatment. Indeed,
numerous investigators have demonstrated a de-
crease not only in contaminant concentration but
also bioavailability, leachability, and toxicity with
increasing biotreatment time and concluded that
‘environmentally acceptable endpoints’ were
reached at the end of the treatment period al-
though residual contaminants were still present in
the soil (Kelsey & Alexander 1997; Linz & Nakles
1997; Loehr &Webster 1997; Loehr et al. 2000a, b;
Olivera et al. 1998; Stroo et al. 2000; Tabak et al.
2003; Weissenfels et al. 1992).

While the concept that bioavailability limita-
tion is the principal cause for recalcitrance is
appealing, both mechanistically and economically,
it must be borne in mind that most studies men-
tioned above provide only indirect and circum-
stantial evidence. Only very few studies have
focused directly on assessing the importance
of mass-transfer limitations by measuring both
abiotic release rates and biodegradation rates
during bioremediation treatment (Berg et al. 1998;
Carmichael et al. 1997; Cornelissen et al. 1998;
Huesemann et al. 2002, 2003; Loehr & Webster
2000). It is therefore the objective of this research
to determine the role of bioavailability limitations
during the slurry bioremediation of PAHs and
alkanes in aged soils by directly comparing abiotic
desorption and biodegradation rates for respective
hydrocarbons at various times during the treat-
ment period. In the context of this study, we re-
gard bioremediation as limited by bioavailability if
the observed HC biodegradation rates are similar
in magnitude to the respective HC desorption
rates. Conversely, bioremediation is considered to
be limited by microbial factors if desorption rates
are significantly greater than biodegradation rates.

Materials and methods

Aging procedure for soils

As shown in Table 1, six different soils character-
ized by a wide range of physical properties (i.e.,
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sand, silt, clay, and organic matter content), con-
taminant composition (i.e., defined hydrocarbon
mixtures, crude oil, coal tar, or Bunker C fuel),
and aging history (i.e., aged either in the labora-
tory or under field conditions) were used in this
study (Huesemann et al. 2003). All values are no-
ted as weight percent, on dry soil basis. A set of
three soils, i.e., Belhaven, Cullera, and Sassafras
were air dried, sieved (<2 mm), sterilized using c
radiation, moisture adjusted, and spiked with a
mixture of 16 model hydrocarbons (dissolved in
ethyl-benzene) consisting of eight n-alkanes (C9,
C10, C12, C14, C16, C20, C22, and C24), pristane, 1-
octadecene, four PAHs (naphthalene, phenan-
threne, pyrene, and benzo(a)pyrene), cis-decalin,
and methyl-cylco-hexane at a final soil concen-
tration of »1000 mg/kg each. After evaporation of
the solvent, the moisture of all three soils was
adjusted to 70% of field capacity. The spiked soils
were then transferred to glass jars that were tightly
capped and subsequently kept in the dark at room
temperature for a 51 month aging period. A sandy
loam soil was spiked with a Minas crude oil (32�
API gravity) at a final concentration of
»50,000 mg/kg by mixing 500 g dry soil with 25 g
crude oil dissolved in 100 ml methylene chloride
and then evaporating the solvent in a rotary
evaporator flask to ensure the even coverage of all
soil particles. After adjustment of the moisture
content to �75% of field capacity, the spiked soil
was transferred to a glass jar which was flushed

with nitrogen, tightly capped, and subsequently
stored in the dark at room temperature in the
laboratory for 21 months.

It should be noted, as discussed by Madsen
(2003), that soil sterilization by c radiation as well
as spiking of contaminants dissolved in solvents
does not exactly simulate the aging process in field
soils and therefore may introduce experimental
artifacts that must be considered when drawing
conclusions from these biodegradation experi-
ments in terms of the behavior of actual field soils.
In order to address this limitation, an aged
(>5 years) Bunker C contaminated sandy field soil
from a Navy site at Port Hueneme, CA, and an
aged (>10 years) coal-tar contaminated sand from
a disposal ditch at a coal-gasification plant in Iowa
were also used in this study. The gravimetric oil
and grease and tar contents of the Bunker C and
coal tar contaminated soils were 0.25% and 5%,
respectively.

Slurry bioreactor operation and sampling

The aged soils were bioremediated in 2 l slurry
reactors for either 182 days (Sassafras), 270 days
(Belhaven, Cullera, Bunker C and coal tar con-
taminated soils), or 354 days (Minas crude oil
contaminated soil). To initiate biotreatment, all
reactors were inoculated with 50 ml of a mixed
bacterial culture that had been enriched in

Table 1. Characteristics of the six aged, hydrocarbon contaminated soils used in biodegradation experiments

Soil name Soil properties Contaminant type Aging duration

Belhaven 20.2% TOC HC mixture of 16 HCs 51 months

4% Clay @ ca. 16,000 mg/kg (in laboratory)

Cullera 3.1% TOC HC mixture of 16 HCs 51 months

42% Clay @ ca. 16,000 mg/kg (in laboratory)

Sassafras 1.6% TOC HC mixture of 16 HCs 51 months

10% Clay @ ca. 16,000 mg/kg (in laboratory)

Minas loam Sandy loam soil Minas crude oil 21 months

@ ca. 50,000 mg/kg (in laboratory)

Bunker C sand 59% Sand, 31% Silt Bunker C fuel >5 years

10% Clay @ ca. 2,500 mg O&G/kg (field site)

Coal tar sand NA Coal tar >10 years

@ ca. 50,000 mg O&G/kg (field site)
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hydrocarbon degraders adapted to Minas crude oil
as a sole carbon source.

The enrichment culture was carried out by
adding 20 g of an aged crude oil contaminated soil
(i.e., Richland topsoil) which was used in an earlier
study (Huesemann et al. 2002) as an inoculum to
100 ml sterile Bushnell Haas mineral medium. The
resulting soil slurry was mixed vigorously on a
shaker table for 1 h, centrifuged at 500 g for
15 min, and the supernatant was transferred to a
1 l Erlenmeyer flask. 1 ml of Minas crude oil was
then added as a sole carbon source, together with
900 ml sterile Bushnell Haas medium, to initiate
the growth of hydrocarbon degrading bacteria.
The enrichment culture was continuously mixed at
100 rpm and aerated with humidified air at
500 ml/min. Additional crude oil (1 ml), together
with sterile nutrient medium containing ammo-
nium nitrate and potassium phosphate to maintain
a C/N/P ratio of 100/5/1, was added every 7 days
for 6 weeks to continue the enrichment process.
The number of hydrocarbon degraders in the final
enriched culture which served as an inoculum
(50 ml) for all bioreactors was 109 per ml (see
method below).

The slurry consisted of »20% solids by weight,
and the aqueous medium contained ammo-
nium nitrate and potassium phosphate to maintain
a C/N/P ratio of 100/1/0.2 (wt) (Huesemann 1994).
Calcium chloride (1.11 g/l) was also added as a
dispersion agent to avoid the clotting of clayey
materials, and the pH was maintained between 6
and 7 throughout the treatment via addition of
NaOH. Each soil slurry was placed into a 2 l
Erlenmeyer flask (bioreactor) and mixed at
500 rpm with a propeller driven by an electric
motor. Humidified air was sparged through a
diffuser stone into the slurry to maintain a dis-
solved oxygen concentration above 2 mg/l. No
attempt was made to monitor the bioreactor off-
gases for volatilization losses since the subsequent
data analysis was restricted primarily to high
molecular weight PAHs and alkanes that do not
volatilize to any significant extent at the ambient
laboratory temperature (Huesemann et al. 1995).

At specified time intervals, representative slurry
samples (»25 ml) were taken from the reactors,
transferred to 30 ml glass centrifuge tubes, and
centrifuged at 2000 rpm (850 g) for 30 min. The
supernatant was carefully removed and stored for
future use in the abiotic release rate assay (see

below). The wet soil pellet in the bottom of the
centrifuge tube was mixed vigorously with a
spatula and a 1.5 g subsample was taken for the
gravimetric determination of the moisture content
(Method 2540B 1989). Another representative
1.5 g of wet soil was removed from the centrifuge
tube, transferred to a 250 ml Quarpak glass jar
and extracted for subsequent hydrocarbon (HC)
analyses as described below. The wet soil that re-
mained in the centrifuge tube was used for the
determination of abiotic HC release rates as out-
lined next.

Abiotic release rate assay

The rate of release of PAHs and n-alkanes from
soil slurries under abiotic conditions was measured
using procedures that were adapted from those
reported by Williamson et al. (1998). Approxi-
mately 8 g of pre-wetted (=3 g dry wt) Amberlite
XAD-2 resin (Supelco, Bellefonte, PA) and 0.3 g
of sodium azide (microbial poison) were added to
the centrifuge tube which contained the remaining
soil pellet. A specified volume of the reserved
supernatant was returned to the centrifuge tube to
recreate a slurry with the same solids density as the
original bioreactor slurry (i.e., »20% solids by
weight). A teflon-lined cap was tightly screwed
onto the centrifuge tube which was then rolled on
a modified rock roller at »100 rpm. During this
intensive mixing process, the XAD resin absorbs
‘instantaneously’ any hydrophobic contaminants
that are released into the aqueous phase from the
soil particles by either desorption or dissolution.

Since the presence of XAD resin maximizes the
contaminant concentration gradient at the water-
soil interface by maintaining hydrocarbon con-
centrations in the water phase close to zero, the
measured abiotic release rates are probably close
to maximum achievable rates in a given soil slurry
(Loehr & Webster 2000) and therefore possibly
greater than ‘real’ desorption rates in bioreactor
slurries where bacteria – because of metabolic
insufficiencies – may not be able to keep the con-
centration of dissolved hydrocarbons in the water
phase to a minimum. Thus, the contaminant mass-
transfer rates ‘sensed’ by individual bacterial cells
could potentially be smaller than those measured
in the bulk slurry using XAD resin. Nevertheless,
in the absence of measurements of hydrocarbon
mass-transfer rates in the immediate surroundings
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of the bacterial cell – which nobody has yet fig-
ured out how to do – it is implicitly assumed in the
subsequent data analysis that hydrocarbon bio-
degradation is limited by microbial metabolism if
abiotic desorption rates are significantly greater
than biodegradation rates.

Based on independently performed measure-
ments of the maximum sorptive capacity of XAD
resin, it was assured that the XAD was never close
to being saturated with the released hydrocarbons
during the performance of the abiotic release as-
says. The centrifuge tube was removed from the
rollers at the same time as the next slurry sample
was taken from the bioreactor. This enables the
direct comparison of both biodegradation and
abiotic release rates during exactly the same time
interval. In order to facilitate the separation of
XAD resin from the soil particles, 3 g of NaCl was
added to the centrifuge tube that was then centri-
fuged three times at 2000 rpm for 30 min. Between
each centrifugation, the XAD resin floating on top
of the supernatant was gently mixed to remove any
potential soil particles still adhering to the resin
without disturbing the soil pellet. After the third
centrifugation, the floating XAD resin and most of
the supernatant were poured into a 250 ml Quar-
pak glass jar. Most of the supernatant was trans-
ferred back to the centrifuge tube via a pipette and
the clean XAD resin was extracted and analyzed
for hydrocarbons as described below. The soil
pellet and the supernatant remaining in the cen-
trifuge tube were spun at 2000 rpm for 30 min and
after carefully decanting the supernatant, the soil
pellet was transferred to a 250 ml Quarpak glass
jar for extraction and analysis of hydrocarbons as
described next.

Hydrocarbon analyses

For each slurry bioreactor sampling event, a set of
three different samples were generated for sub-
sequent HC analyses: (a) soil from the bioreactor;
(b) soil remaining after exposure to XAD resin;
and (c) XAD resin. Both soils and XAD resin were
extracted by adding 100 g of sodium sulfate (dry-
ing agent) and 100 ml of methylene chloride to the
respective 250 ml Quarpak glass jars and by roll-
ing them for 12 h at �100 rpm. For the Belhaven,
Cullera, and Sassafras soils and the respective
XAD resins, the resulting solvent extracts were
analyzed for PAHs and n-alkanes via GC-MS

using standard EPA methods 3540, 3630C, and
8270 as a guideline (EPA 1986). For the Bunker C,
coal-tar, and Minas crude oil contaminated soils
and the respective XAD resins, the extracts were
separated via silica column chromatography into
an aromatic and saturated hydrocarbon fraction
that were subsequently analyzed for PAHs, n-
alkanes, and biomarker compounds (only for
Minas) via GC-MS as described in detail by Wang
et al. (1994). In order to minimize the effects of
sampling errors that occur in heterogeneous soil
slurries, all PAH concentrations in the Minas
crude oil contaminated soil were normalized to the
respective concentrations of the conservative bio-
marker 17a,21b-hopane (Butler et al. 1991). Using
the gravimetric moisture content of the original
wet soil pellet, all HC concentrations were calcu-
lated as ng per g of dry soil and then normalized to
the respective PAH or alkane concentrations in the
initial bioreactor slurry. A comparison of the HC
masses in the initial soil slurry sample with the
respective HC masses in both the XAD resin and
the soil slurry after XAD exposure indicated that,
with few exceptions, a mass balance of better than
100 ± 10% was achieved for most HCs.

Comparison of biodegradation rates and abiotic
release rates

The biodegradation rate for a specific compound
between sampling times tn and tn + 1 is readily
visualized as the slope between the bioreactor soil
slurry concentration points Cn and Cn + 1 in a C)t
graph (see solid •- - -• lines in Figures 1–7).
Similarly, the abiotic release rate is the slope be-
tween the bioreactor soil slurry concentration
point Cn and the concentration of the respective
hydrocarbon that remains in the soil after expo-
sure to XAD resin during the time interval tn to
tn + 1 (see dashed s- - -s lines in Figures 1–7).
While the solid •- - -• lines show the change in HC
concentrations in the soil slurry bioreactor with
treatment time, the dashed s- - -s lines show the
change in HC concentration in a soil slurry sample
taken from the bioreactor for measurement of
abiotic desorption rates for a limited time interval
using XAD resin. Given that the duration of the
abiotic desorption test was exactly the same as the
time interval between taking samples from the
slurry bioreactor, it is then possible to directly
compare biodegradation and desorption rates of
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specific HCs during this time interval by compar-
ing the slopes of the solid •- - -• and dashed s- - -s
lines, respectively.

The hydrocarbon mass that remains in the soil
after XAD exposure was determined both directly
by extraction and analysis (see above) and indi-
rectly as the difference between the hydrocarbon
mass in the initial soil and the hydrocarbon mass
absorbed to the XAD resin. Because analytical
precision was not high enough to quantify the ex-
tremely small amounts of abiotically released n-
alkanes from the difference in the respective con-
centrations in the initial soil and the XAD exposed
soil, the n-alkane concentrations in the XAD ex-

posed soil were instead calculated via mass-bal-
ancing using the precisely measured amounts of n-
alkanes that were absorbed by the XAD resin. The
concentrations of all PAHs in the XAD exposed
soils were plotted as the averages of the respective
measured concentrations in the XAD exposed soils
and calculated concentrations that were obtained
via mass balancing (i.e., PAH mass in XAD ex-
posed soil ¼ PAH mass in the initial soil ) PAH
mass in XAD resin). Finally, the reproducibility of
the abiotic release assay was successfully confirmed
by performing all procedures and analyses for
duplicate bioreactor samples that were taken at
time zero, day 14, and at the end of the experiment.
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Figure 1. Fraction of hexadecane as a function of time in Bel-

haven soil undergoing slurry biodegradation (�) or abiotic

desorption treatment (s).
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Figure 2. Fraction of phenanthrene as a function of time in

Belhaven soil undergoing slurry biodegradation (�) or abiotic

desorption treatment (s).
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Figure 3. Fraction of pyrene as a function of time in Bunker C

contaminated soil undergoing slurry biodegradation (�) or

abiotic desorption treatment (s).
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Figure 4. Fraction of benzo(e)pyrene as a function of time in

Bunker C contaminated soil undergoing slurry biodegradation

(�) or abiotic desorption treatment (s).
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Enumeration of total heterotrophs and hydrocarbon
degraders

At various time intervals a 1 ml slurry sample was
removed from the bioreactor and microbial counts
for total aerobic heterotrophs and hydrocarbon
degraders were determined according to the tube
dilution methods described earlier by Huesemann
(1994). For the enumeration of hydrocarbon
degraders, Minas crude oil was used as the sole
carbon source in these bacterial growth assays.

Results and discussion

Alkanes

As shown in Figure 1, n-hexadecane (C16) biode-
graded rapidly and less than 10% of it remained in
Belhaven soil after 270 days of treatment. How-
ever, when bioreactor slurry samples were sub-
jected to abiotic release rate tests, hardly any
hexadecane was desorbed or dissolved from the
soil particles and taken up by the XAD resin. This
is not surprising considering that hexadecane has
an extremely low aqueous solubility (i.e., S ¼ 0.9
lg/l (Sutton & Calder 1974)) and a very high oct-
anol–water partition coefficient (i.e.,
log Kow ¼ 8.25 (Coates et al. 1985)). It is inter-
esting to note that even five and six ring PAHs,
which are often considered to be extremely
hydrophobic, are much more water soluble and
desorb much more readily (see also Figures 2–7)
than hexadecane (e.g., the solubility and log Kow

for benzo(a)pyrene is 3.8 lg/l and 6.04, respec-
tively (MacKay et al. 1992)).

Since the biodegradation rates of hexadecane
and all other n-alkanes (data not shown) were at
all times significantly greater than the respective
abiotic release rates, it seems that n-alkanes do not
have to be dissolved in the aqueous phase in order
to be biodegraded by soil microorganisms.
Apparently, bacteria are able to overcome the
mass-transfer limitations by either solubilizing n-
alkanes with the help of excreted biosurfactants or
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Figure 5 Fraction of pyrene as a function of time in Cullera soil

undergoing slurry biodegradation (�) or abiotic desorption

treatment (s).
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Figure 6. Fraction of C4-phenanthrene as a function of time in

Minas crude oil contaminated soil undergoing slurry biodeg-

radation (�) or abiotic desorption treatment (s).
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Figure 7. Fraction of benzo(a)pyrene as a function of time in
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desorption treatment (s).
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by facilitating the direct uptake of these highly
insoluble compounds across lipophilic membranes
(Alexander 2000; Cameotra et al. 1983; Erickson &
Nakahara 1975; Jordan et al. 1999; Miller &
Bartha 1989; Velankar et al. 1975).

Several investigators have also reported cases
where contaminant biodegradation rates were
greater than the respective desorption rates. For
example, Thomas et al. (1986) observed that oc-
tadecane biodegraded faster than it was desorbed
into the aqueous medium. Similarly, it was found
that n-alkylamines bound to clay (Wszolek &
Alexander 1979) and biphenyl sorbed to polyac-
rylic beads (Calvillo & Alexander 1996) were
mineralized rapidly while desorption of these
compounds occurred at a much slower rate. Fi-
nally, Rijnaarts et al. (1990) observed that initial
rates of pesticide biodegradation were consistently
higher than initial rates of desorption which led
these investigators to conclude that microorgan-
isms were able to enhance intraparticle mass
transfer, possibly by entering into small pores and
thereby increasing the concentration gradients for
desorption.

Polynuclear aromatic hydrocarbons

Compared to the extremely slow and insignificant
desorption of the highly hydrophobic n-alkanes,
all PAHs, including high molecular weight com-
pounds such as benzo(a)pyrene, benzo(e)pyrene,
and perylene, desorbed much more rapidly and
extensively in all six aged soils (see Figures 2–7).
For a given soil, the rate of abiotic desorption in
the initial slurry sample (t=0) was inversely re-
lated to the magnitude of the respective PAH’s
octanol–water partition coefficient (data not
shown), confirming that the degree of hydrocar-
bon lipophilicity strongly influences the abiotic
release from aged soils.

As shown in Figure 2, phenanthrene biode-
graded fast and completely after a seven day lag
period in aged Belhaven soil. During this initial lag
period, phenanthrene was readily bioavailable as
indicated by its fast and extensive abiotic desorp-
tion in soil slurry samples that were taken from the
bioreactor at various time points (i.e., t ¼ 0, 3, and
7 days). Most likely, phenanthrene, although
readily bioavailable, was not immediately biode-
graded because a lag period of approximately
7 days was required to build up sufficiently high

numbers of phenanthrene degrading bacteria.
Apparently, as soon as specific hydrocarbon
degraders reached high enough numbers, phen-
anthrene biodegradation commenced and the rate
of biodegradation equaled exactly the rate of
desorption, indicating that during this period
phenanthrene biodegradation was mass-transfer
rate limited (i.e., phenanthrene was biodegraded as
fast as it was desorbed).

The behavior of pyrene during slurry bio-
remediation of aged Bunker C contaminated soil is
somewhat similar to phenanthrene in aged Belha-
ven soil with the exception that no lag period was
observed and that the biodegradation rate was
much slower, i.e., it took »270 days for pyrene to
be completely biodegraded (Figure 3). During the
initial phase of the bioremediation treatment (i.e.,
the first 100 days), abiotic release rates were sig-
nificantly greater than biodegradation rates indi-
cating that pyrene removal was reaction-rate
limited, i.e., controlled by the speed of microbial
metabolism. By contrast, during the final phase
(i.e., from 100 to 270 days), the rate of biodegra-
dation was almost exactly the same as the rate of
desorption, indicating that pyrene degradation
was mass-transfer rate limited.

As was mentioned earlier in the Introduction, it
is often believed that the recalcitrance of high
molecular weight PAHs is due to their limited
bioavailability. However, as shown in Figure 4 for
Bunker C contaminated soil, the five ring PAH
benzo(e)pyrene was rapidly and extensively
released abiotically throughout the 270 day treat-
ment period indicating that the slow biodegrada-
tion of this compound was due to microbial
factors. Since the rate of biodegradation at the end
of the treatment period (i.e., day 182 to day 270)
was almost exactly the same as the rate of
desorption in the period following termination of
bioremediation treatment (i.e., from day 270 to
day 574), it is likely that benzo(e)pyrene biodeg-
radation would have become mass-transfer limited
if slurry treatment would have continued beyond
270 days.

The biodegradation of pyrene in aged Cullera
clay, as well as in Belhaven, Sassafras, and the coal
tar contaminated soil (data not shown), was not as
straightforward as the one shown earlier in Fig-
ure 3 for aged Bunker C contaminated soil. In
Cullera soil, pyrene was biodegraded rapidly to
about 65% of its initial concentration but, subse-
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quently, biodegradation stalled for almost
100 days (Figure 5). During this period, pyrene
was readily bioavailable as indicated by fast
a-biotic desorption rates. After 91 days, pyrene
degraded rapidly and was completely gone by day
182. It is interesting to note that the abiotic release
rate during this time period (i.e., from day 91 to
day 182) was exactly the same as the biodegrada-
tion rate, indicating that pyrene biodegradation
was mass-transfer rate limited. It is not clear why
pyrene biodegradation first stalled for 100 days
and then continued. It is possible, as discussed
later (see also Figure 9), that the initial drop in
pyrene concentration was due to cometabolic
biodegradation, while the subsequent time period
until day 91 was needed to build up significant
numbers of bacteria that could use pyrene as a sole
source of carbon for growth. As soon as pyrene
degraders reached high enough concentrations,
they biodegraded pyrene as fast as it was desorbed
from the soil particles.

A long period of acclimation was also observed
for crude oil component C4-phenanthrene (i.e.,
phenanthrene containing four alkyl carbons) dur-
ing slurry bioremediation of aged Minas crude oil
contaminated soil (Figure 6). For the first 91 days,
no significant C4-phenanthrene biodegradation
was observed although this alkyl-PAH rapidly
desorbed from the soil particles into the aqueous
phase. After day 91, C4-phenanthrene was de-
graded at almost the same rate as it was desorbed
indicating that biodegradation was mass-transfer
limited during this period. C4-phenanthrene was
almost completely biodegraded at the end of the
treatment period (i.e., at day 354).

Despite the fact that all soil slurry biotreat-
ments were carried out for rather long time periods

(i.e., at least 270 days), in numerous cases it was
found that five and six ring PAHs did not biode-
grade at all, although they were readily bioavail-
able as indicated by their rapid abiotic release
rates. For example, the five ring PAH
benzo(a)pyrene was not biodegraded during the
270 day treatment period in Cullera soil, even
though it was readily desorbed and taken up by
XAD resin (Figure 7). Thus, it appears that
microbial factors rather than bioavailability limi-
tations were responsible for the recalcitrance of
higher molecular weight PAHs. This was also the
conclusion of Cornelissen et al. (1998) who found
that five and six ring PAHs did not biodegrade
despite their rapid and extensive desorption from
contaminated sediments.

The large number of experimental data pre-
cludes the presentation of more than just the typ-
ical cases shown in Figures 2–7. However, a
rigorous analysis of all data revealed that the
biodegradation and desorption behavior of vari-
ous 3, 4, 5, and 6 ring PAHs in the different aged
soils follows only six distinct patterns. As shown in
Figure 8, these six behaviors can be categorized as
follows: Case A represents situations where bio-
degradation rates equal desorption rates indicating
that microbial PAH removal is mass-transfer lim-
ited throughout the treatment. Case B is similar to
Case A with the exception that a short initial lag
phase is necessary to build up microbial popula-
tions of respective PAH degraders. In Case C,
desorption rates are much greater than biodegra-
dation rates at the beginning of the treatment
indicating that microbial metabolism is limiting
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Figure 8. Conceptual summary of observed PAH biodegrada-

tion and desorption scenarios: (—) Biodegradation, (� � �)
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the speed of PAH removal. By contrast, PAH
biodegradation becomes mass-transfer limited at
the end of the treatment as biodegradation rates
equal desorption rates. In Case D, PAH biodeg-
radation successfully starts but then stalls, despite
significant PAH bioavailability, for a long period
to suddenly commence and continue to completion
at a speed limited by the desorption rate. Case E is
similar to Case D with the exception that no initial
drop in PAH concentration is observed. Finally, in
Case F, no PAH biodegradation is observed
throughout the treatment period despite the fact
that the PAH is readily bioavailable as indicated
by the rapid and extensive desorption into the
aqueous phase.

In general, Cases A and B were observed for 3
ring PAHs, Case C for 3 and 4 ring PAHs, Case D
for 4 and 5 ring PAHs, and Cases E and F for 5
and 6 ring PAHs. Specifically, Case F which is
most important from a risk perspective, was ob-
served for benzo(a)pyrene in Belhaven, Cullera,
Sassafras, and Bunker C contaminated soils,
benzoperylene for Minas crude oil and Bunker C
contaminated soils, and indenopyrene for the
Bunker C contaminated soil. In summary, the
following general conclusions can be drawn from
the experimental data: if PAH biodegradation
occurs, the rate of removal may or may not be
limited by the desorption rate. In most cases, the
PAH biodegradation kinetics is limited by micro-
bial factors during the initial phase while it often
becomes mass-transfer limited during the final
phase of the bioremediation treatment. More
interestingly, when PAH biodegradation does not
occur, it was never due to bioavailability limita-
tions since PAHs were always rapidly and exten-
sively desorbed into the water phase. This prompts
the question: Why are some of the 4, 5, and 6 ring
PAHs, despite their ready bioavailability, re-
calcitrant to microbial degradation?

Possible reasons for the recalcitrance of bioavailable
PAHs

Since this research was originally designed to focus
on the effects of mass-transfer limitations rather
than the potential effects of microbial factors on
hydrocarbon bioremediation, it is only possible to
speculate why many fully bioavailable PAHs are
not at all or only partially biodegraded. One pos-
sible reason for the initial partial biodegradation

of 4 and 5 ring PAHs as shown in Figure 8 (Case
D) is that biodegradation proceeds as long as a
cometabolic substrate is present and stops as soon
as this substrate has been removed via biodegra-
dation.

As shown in Figure 9, during the first two
weeks of coal tar contaminated soil slurry treat-
ment, both pyrene and benzo(a)pyrene biodegra-
dation proceeds rapidly as long as phenanthrene is
still present in the soil. As soon as phenanthrene
has been completely biodegraded, the biodegra-
dation of pyrene and benzo(a)pyrene stalls. The
same biodegradation behavior was also observed
in Belhaven, Sassafras, and Cullera soil where
initially pyrene only biodegraded as long as
phenanthrene was still present (data not shown).
By contrast, when no phenanthrene was present as
in the original Minas crude oil, probably because it
was lost by evaporation during the spiking pro-
cedure, none of the 4 and 5 ring PAHs were re-
moved at all at the beginning of bioremediation
treatment.

These data indicate that low molecular weight
PAHs such as phenanthrene stimulate the comet-
abolic biodegradation of high molecular weight
PAHs such as pyrene and benzo(a)pyrene, a phe-
nomenon that has also been observed by other
investigators (Ho et al. 2000; Kanaly & Bartha
1999; Keck et al. 1989; Mannisto et al. 1996;
Molina et al. 1999; Stringfellow et al. 1995). Spe-
cifically, several studies have shown that the
addition of phenanthrene promotes the cometa-
bolic biodegradation of pyrene (Ho et al. 2000;
Mannisto et al. 1996; Stringfellow et al. 1995).

Although cometabolism may explain the initial
and rapid, but incomplete, biodegradation of 4
and 5 ring PAHs (see Case D in Figure 7), it is not
clear why biodegradation suddenly commences on
its own following long lag periods of 100 days or
more (see Cases D and E). It is possible that this
time is required for the selection and buildup of
microbial populations (consortia) capable of using
the respective high molecular weight PAHs as a
sole source of carbon for growth (Boonchan et al.
2000; Kanaly et al. 2002). Alternatively, it is also
conceivable that some type of unknown inhibitory
compounds such as polar biodegradation inter-
mediates restricted the growth and metabolism of
certain PAH degrading microorganisms. Since the
present study was not specifically designed to elu-
cidate the dynamics of particular PAH degrading
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microorganisms during biotreatment, but rather
the role of mass-transfer limitations, it is only
possible to speculate that some unknown micro-
bial factors rather than limited PAH bioavailabil-
ity are responsible for the temporary delay in
(Cases D and E) or complete absence of (Case F)
PAH biodegradation.

Figure 10 shows the number of both total
aerobic heterotrophs (TH) and hydrocarbon
degraders (HD) at different times during slurry
treatment of Minas crude oil contaminated soil. As
was observed in an earlier slurry bioremediation
study (Huesemann et al. 2002) and also in all six
aged soils used here, both TH and HD counts are
similar at time zero and increase slightly during the
first phase of treatment (i.e., until day 91). During
the second half of the treatment period (i.e., after
day 91), TH counts remain constant while the
number of HD plummets by six orders of magni-
tude. Clearly, a profound shift in the composition
of microbial populations is taking place as the
treatment proceeds. While initially a very large
fraction of bacteria consists of HD, the latter make
up only »0.001% of TH at the end of treatment.

Considering that the hydrocarbon degrader
assay counts a wide variety of both alkane and
PAH degraders, it is not possible to make any
definite statements about the population sizes of
specific PAH degrading microbes. Nevertheless, it
appears unlikely that the observed crash in HD

populations can explain the temporary delay in
PAH degradation (i.e., Cases D and E, Figure 8)
since it occurs during the time period when PAH
degradation is (finally) taking place. Apparently,
the selection and buildup of specific PAH degrader
populations occurs during the time when HD
counts are high (i.e., until day 91). It is possible
that as soon as these specific PAH degraders re-
move the respective PAHs, insufficient hydrocar-
bon substrates remain to support a large
population of HD which then collapses at the end
of the treatment period.

Implications for risk assessment

As was pointed out in the Introduction, it is often
assumed that slow and incomplete hydrocarbon
degradation is caused by mass-transfer limitations.
Our experimental data confirm that indeed PAH
biodegradation during the final phase of bio-
remediation treatment is slow because it is limited
by the equally slow rates of desorption of the
respective hydrocarbons (see Cases A–E in Fig-
ure 8). However, our results clearly indicate, for
the conditions of this study, that it is incorrect to
attribute either the temporary or complete absence
of PAH biodegradation to bioavailability limita-
tions. In all cases where PAH biodegradation was
either completely absent (Case F, Figure 8) or
temporarily stalled (Cases D and E, Figure 8),
these hydrocarbons were always bioavailable as
indicated by fast abiotic release rates. Because of
their ready bioavailability, these recalcitrant
PAHs, some of which are known carcinogens,
could pose a significant risk to environmental
receptors. Consequently, it is inappropriate to
automatically assume that the residual PAHs that
remain in the soil after extensive bioremediation
treatment are recalcitrant because they are not
bioavailable and therefore unlikely to pose a risk
to the environment. It is particularly tempting to
reach this erroneous conclusion in cases that ex-
hibit the typical biphasic behavior that is charac-
teristic of fast and slow release desorption kinetics
while in reality biodegradation stops not because
of limited bioavailability but because of some un-
known microbial factors such as lack of cometa-
bolic substrates or insufficient numbers of
hydrocarbon degrading populations (see Case D,
Figure 8).
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Instead of assuming that incomplete biodegra-
dation is automatically due to bioavailability lim-
itations, it would be more appropriate to measure
abiotic contaminant release rates to confirm that
residual contaminants are not bioavailable and
that therefore a given soil is unlikely to pose a
serious risk to the environment. In the absence of
such specific testing, it is inappropriate to assume
that residual contaminants are recalcitrant because
of bioavailability limitations and that they are
therefore not posing a significant risk to environ-
mental receptors.
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